There is growing demand for information regarding the impacts of decisions on ecosystem services and human benefits. Despite the large and growing quantity of published ecosystem services research, there remains a substantial gap between this research and the information required to support decisions.
Research that meets practitioner needs
Evaluating the impact of public and private decisions on natural capital and ecosystems is an increasing focus of public and private decision-makers, including government and business leaders (e.g., The Declaration, 2012; WAVES| Wealth Accounting and the Valuation of Ecosystem Services, 2016; EOP, 2015; IPBES| Intergovernmental Platform on Biodiversity and Ecosystem Services, 2016) . Practitioners in both the public and private sectors are motivated to incorporate the value of ecosystem services in decisions affecting issues such as land management (e.g., Bateman et al., 2013; Johnston et al., 2014; Lawler et al., 2014; Ouyang et al., 2016; National Ecosystem Services Partnership, 2016) , pollution control (TEEB, 2012) , natural resource supply (Reddy et al., 2015) , rural/agricultural policy (Ribaudo et al., 2010; Bauer and Johnston, 2013) , and coastal/marine management (Holland et al., 2010; Barbier et al., 2011; Lipton et al., 2014) , but often lack the capacity to do so. This focus has led to a growing demand for applicable tools to assess the impacts of decisions on ecosystem services and human benefits (PCAST, 2011) .
At the same time there has been tremendous growth in scholarly research on ecosystem services. A Google Scholar search finds almost 5 times as many publications using the key word ''ecosystem services" in this decade compared to last (Google Scholar Search, 2016) . One might assume that this increasing ''supply" of ecosystem services research would meet the increasing demand for ecosystem services information. Yet despite the large and growing quantity of published ecosystem services research and the desire of many decision-makers to account for natural capital and ecosystem service impacts, there remains a substantial gap between academic research and the informational needs of decision-makers and practitioners Hanley et al., 2015; Ruckelshaus et al., 2015; Braat, 2015; Carpenter et al., 2009) .
Why is ecosystem services research not meeting the needs of decision-makers? Over the last 4 years, US federal agency scientists and decision-makers involved with the National Ecosystem Services Partnership (NESP) have described multiple factors that inhibit the use of ecosystem services assessments and valuations produced by the research community (see NESP, 2016) . Similar factors have been described by recent advisory boards and others commenting on the use of ecosystem services analysis within US federal agencies (e.g., US EPA, 2009; NOAA SAB, 2016) , and by advisory groups in other regions of the world (Braat, 2015; Wong et al., 2015) . These factors fall into two primary groups. The first group comprises factors related to failure to develop transparent and unambiguous linkages between ecosystem changes and outcomes that matter to or are directly valued by people. For example:
Available biophysical models tend to focus on purely ecological or biophysical outcomes not clearly or directly linked to outcomes that matter to people (Keeler et al., 2012; Schultz et al., 2012; Olander et al., 2015) . Available economic and social science models capable of estimating the value of ecosystem services are often not well linked with biophysical models or their outputs Schultz et al., 2012) . The results of studies that generate estimates of the total value of ecosystem services (e.g. Costanza et al., 1997) are not capable of estimating changes in the value of these services arising from many types of changes in policy or management, nor do they fully capture location-specific for ecological or socio-economic factors that determine value. Research from the academic community often fails to address topics or ecosystem services directly relevant to organizational decision-making or ignores constraints (e.g., statutory restrictions, data requirements) that are directly relevant to the effects of decisions on ecosystem services or values (Schaefer et al., 2015) .
The second set of reasons for the disconnect between available research and decision-maker needs is related to the use of methods that do not answer relevant policy and management questions, and/or are not sufficiently transparent, usable and generalizable by decision-makers, considering factors such as budget, time, capacity, and data constraints. For example:
Models provided to predict the ecological consequences of decisions and the value of affected services require expertise that agencies often lack, particularly in economics and other social sciences. The data required by most ecosystem service models are too costly to acquire (e.g., in time, money, resources, required approvals). The results of high quality studies are often so detailed and specialized that they are difficult to generalize and therefore of limited relevance for policy or management questions. Valuation methods advocated by researchers (e.g., stated preference methods) may not be readily accepted by agencies overseeing research and data collection (e.g., Office of Management and Budget), or may require extensive and time-consuming approvals (Griffiths and Wheeler, 2005) . The accuracy and reliability of ecological and social models, and the uncertainty associated with results, are often unknown.
There are also reasons why researchers frequently lack incentives to produce relevant research that fits the needs of practitioners. Publication pressures may incentivize researchers to work on projects with greater novelty and precision rather than those relevant to decision-making. Conducting relevant research can also be time consuming. It often requires extensive interactions with stakeholders and the dedication of time to understand specific policy and management contexts. This time cost can be a disincentive for researchers to engage in truly relevant research.
This article is geared to researchers who, despite the challenges raised in the prior paragraph, want to pursue research that meets the needs of those making policy and management decisions. To this end, we suggest and illustrate two key strategies that are designed to improve researchers' ability to produce research that is directly relevant to practice. These strategies reflect approaches that have proven successful in integrating ecosystem services research to decision-making.
The first strategy is to design research methods that go beyond biophysical outcomes (e.g., water storage) to provide clearly linked ecological and social outcomes of interest (e.g., amount and timing of water available for a specific user). We refer to these outcomes as benefit-relevant indicators (BRIs). BRIs have characteristics which make them particularly well suited to informing decisions and supporting any subsequent valuation efforts (Olander et al., 2015) . The second strategy is to develop research methods that are explicitly designed to meet the needs of decision-makers. These needs often include the development or application of research tools and methods that are not overly complex, that reflect the capacity (e.g., expertise, funding, etc.) available to decision-makers, and that address the specific informational needs of each decision-context (e.g., provide results at necessary levels of certainty and precision). We illustrate these two strategies using examples that draw on our collective experience advising government agencies on natural resource management primarily in the United States. However, the proposed framework is designed for broader application and relevant to other research and practitioner communities.
Strategy 1: Use BRIs to increase research relevance
Ecosystem service research often lacks complete analysis that links policy or management actions to human benefits (Wainger and Mazzotta, 2011) . Producing ecosystem services research that meets decision makers' needs depends on the extent to which the research addresses outcomes that are both valued by people and relevant to organizational decision-making (Boyd et al., 2016) . This goal can be achieved by reporting results of ecological or biophysical modeling using benefit-relevant indicators (BRIs) that are directly salient to decisions of an identified group of practitioners. BRIs are well-defined measures of ''things valued by people. . .because they have a direct causal impact on human welfare" (Olander et al., 2015) . BRIs are the link between ecological measures and values or preference assessment. They reflect both the ecological supply and the social demand for an ecosystem service. BRIs may be measured in a variety of units, depending on the ecosystem service in question (Abt Associates, 2015) .
The complete bridge from policy or management action to benefits requires models that establish a link between actions and ecological conditions, and then from ecological conditions to ecosystem services measured in terms of BRIs (Fig. 1) . In some cases, it may also be desirable to translate BRIs into benefits monetary or non-monetary expressions of value (the final link in Fig. 1 ). But in other cases it may be sufficient to stop with BRIs (Olander et al., 2015) . BRIs can at least partially capture potential social demand or values. A simple example would be a projected change in recreational fish stocks in water bodies used by anglers (or changes in expected catch per unit effort), weighted by the current recreational usage of each water body (to reflect the number of anglers that might benefit from fish stock improvements in each location, assuming that the number of anglers remains approximately constant). If, however, subsequent valuation is to be conducted, BRIs need not directly reflect the potential extent of demand or value as demand or value will be measured during the valuation stage. An example of the latter type of BRI would simply be a projected change in recreational fish stocks in water bodies used by anglers (or changes in expected catch per unit effort).
Regardless of the BRI used, integrated biophysical and socioeconomic information is required. Insufficient linkage between biophysical and socio-economic analysis has led to estimates of ecosystem service value with ambiguous interpretation and validity (Blamey et al., 2002; Boyd and Krupnick, 2013; Boyd et al., 2016; Johnston et al., 2012; Schultz et al., 2012) .
The examples below illustrate various degrees of success in generating BRIs, and the challenges that can be encountered when moving along the causal chain illustrated in Fig. 1 . The first two examples (China Ecosystem Services Assessment and Oregon Wetlands) illustrate cases in which simple quantification of BRIs was possible. A subsequent example illustrates a case in which BRIs cannot be calculated, because we lack the basic science to connect ecological changes to BRIs (Minnesota Mining). A related challenge illustrated by the Minnesota mining case is that the regulatory context establishes a standard measured in terms of an endpoint (pre-established toxin levels), without considering outcomes that matter to people (BRIs). In contexts such as this-with a disconnect between regulatory mandates and ecosystem services information-the role of ecosystem services research itself can be ambiguous for regulators (NOAA SAB, 2016) , however, it may be quite important for local decision makers to have better information on impacts to people. The final illustration (Pygmy rabbit in North America) returns to an example in which BRIs can be calculated, and are particularly useful as a means to quantify valued outcomes when explicit expressions of value are not feasible or desired. Taken together, these examples are designed to illustrate relationships between the ways that researchers quantify ecosystem service impacts (ideally using BRIs), the type of information required by decision-makers in different situations, and the relevance of the research.
BRIs example 1: China ecosystem services assessment
In response to severe flooding along the Yangtze River in 1998 that caused major loss of life and property damage, China began several large ecosystem conservation and restoration programs, the Natural Forest Conservation Program and the Sloping Land Conversion Program. In 2012, China's Ministry of Environmental Protection and the Chinese Academy of Sciences launched China's first national-scale ecosystem assessment. The assessment was undertaken to both learn about the performance of past investments in conservation and to better target the next generation of conservation investments (Ouyang et al., 2016) .
The assessment collected data on seven important endpoints of interest to the government of China: food production, carbon sequestration, soil retention, sandstorm prevention, water supply, flood mitigation, and habitat provision for biodiversity. Several of these endpoints are directly related to risk mitigation (e.g., sandstorm prevention and flood mitigation) while other endpoints are important for securing outcomes used continuously by humans (food production and water supply). Soil retention is important both for maintaining future soil productivity as well as improving downstream water quality. China also seeks to conserve its biodiversity that includes many endemic species by maintaining habitat, and to reduce net emissions of greenhouse gases through carbon sequestration. The assessment used extensive biophysical data collected in China, including digital elevation maps, hydrological records, satellite images of land cover, field surveys on biodiversity and soil erosion, and government records on agricultural production. Using the InVEST model (Sharp et al., 2015) , these data were used to generate ecological production functions and to show how the seven endpoints of interest changed between 2000 and 2010 based on changes in land use and land cover in China (Fig. 2) . The results of the biophysical models were transformed into BRIs by intersecting the biophysical model results with the population potentially impacted by the changes. For example, the improvement in sandstorm prevention was assessed by calculating the tonnage of reduction in windborne erosion weighted by the population downwind.
The assessment was successful in delivering information about the endpoints of interest to decision-makers, and in many cases directly relevant to human beneficiaries (e.g., people potentially harmed by sandstorms). This outcome occurred largely because of the close relationship between decision makers in the Ministry of Environmental Protection and researchers in the Chinese Academy of Sciences. The close coordination between end users and researchers ensured that the assessment was designed to use the endpoints of interest (Fig. 2) and that data collection and modeling were directed towards delivering information about those endpoints (Ouyang et al., 2016) .
BRIs example 2: Oregon state prioritization of wetlands for mitigation
In the state of Oregon, USA, managers used ecosystem services to help prioritize wetland conservation, mitigation and restoration (Oregon Wetland Rapid Assessment Protocol, ORWAP, Adamus et al., 2010) . Wetland managers were required to prioritize wetland restoration and protection in order to comply with federal and state clean water regulations. Those regulations require that when wetland impacts cannot be avoided, they must be mitigated through restoration or permanent protection of other wetlands.
Wetland mitigation in Oregon had been based on the replacement of each lost acre with an acre either restored or protected from alteration. This approach does not guarantee that equivalent ecosystem services or benefits will be replaced, as different wetlands in different areas may provide different services (or quantities of the same services). Responding to this problem, the regulatory community determined that the most important wetland services included property damage protection (due to flood risk reduction), late season water provision and temperature control, and support for recreational activities or species conservation via provisioning of habitat, food, water, and refugia (Adamus et al., 2010) . To assess changes in these services, Oregon wetland managers created a functional assessment inventory tool to measure wetland functions, such as water temperature moderation, water holding capacity, groundwater recharge, and wildlife support; and are developing rules to use these functional values in defining mitigation needs.
In 2013, the US Environmental Protection Agency (EPA) funded a project to allow a team at Oregon State University to map and model these functions in a way that more closely links them to the beneficiaries that appreciate and use the ecosystem services that each wetland provides. The goal was to use these maps and models to prioritize mitigation sites based on the services they likely provide, rather than assuming all wetlands provide services equally with provision being a function of wetland size alone. Fig. 3 shows how wetlands important for capturing phosphorus loads into impaired waters are different from those important for storage capacity to reduce flooding of property.
The study first determined ways to estimate functional measures such as the wetlands' inherent ability to hold water using available spatial data such as soil composition and depth, wetland size, slope, and the distance wetlands are from streams and floodplains. Other attributes, such as shading or forest cover of the wetlands, can be used to estimate a wetland's ability to benefit fish, while the type of vegetation present can be used to model the capacity to remove unwanted phosphorus or nitrogen. All of these, however, are measures of wetland function which may or may not provide valued services, depending on how the provision of service links to the need or demand for such services in particular areas. Thus, additional data on demand are needed to generate BRIs. For example data on the location of streams impaired by high nitrogen or phosphorus loads and the number of downstream drinking water facilities were used to indicate demand for nutrient capture and storage in wetlands, and data on the areas of developed properties at risk of flooding was used to indicate the demand for flood reduction. Simply adding an evaluation of what services communities need creates the bridge to ecosystem services.
Subsequent transformation of these purely biophysical measures into BRIs -measures that capture both ecological function and human demand (or at least potential human use)-clarifies the relevance of restoration and mitigation for valued ecosystem services. Here, the primary difference between functional measures and BRIs is the inclusion of information on spatial location relative to beneficiaries, which is essential to understand the demand for various services. For example, in the Roberts Creek watershed of Oregon, functions related to hydrology (e.g., water holding capacity and groundwater recharge) providing flood control and late season water provision are of little value, as the area is very rural (few beneficiaries), and none of the affected communities (the small towns of Drain, Elkton and Reedsport) have experienced any flood damage or late season water shortages over the last 40 years. However, the watershed is exceptionally important to the large but declining salmon runs, and the ability of wetlands to support salmon is much more important in this particular location. Hence, measures of salmon support, such as cooling, reducing sediment or provision of wood or habitat reflect relevant BRIs in this area, but measures of hydrological functions not related to salmon habitat do not. Different services are valued in other Oregon watersheds. In the Tualatin watershed 1 , for example, salmon populations are not nearly as important, but the watershed includes a large amount of valuable property that frequently floods. Hence, flood control is one of the most important wetland services to local decision makers.
Similar linkages between wetland functions and BRIs can be established in the upper Klamath Basin, where salmon are no longer present, but the local tribe has been working with the U.S. Fish and Wildlife Service to recover two important resident fish, the Lost River sucker and the shortnose sucker. These species were ) modified by slope, infiltration rate and distance which turn it into a time of concentration (TC). Phosphorus was calculated in kg using unit loads (kg/km previously important food sources for the tribe, but are now listed as threatened species. Farmers in this watershed have also had insufficient water to support their crops, creating local conflicts over water (particularly late in the summer). Therefore, in this area, wetlands that provided late season water are more important to the community than wetlands better at providing flood support or cooling to support salmon.
BRIs can provide a practical way for decision makers to incorporate ecosystem services into their wetland restoration and mitigation rules and priorities, and hence promote actions that better serve affected human populations. However, to develop these measures, wetland functional assessments must be integrated with measures (or proxies) of the demand for individual wetland services. This was done in the Oregon project using a large number of untested, although seemingly reasonable assumptions. However, research is needed to validate these assumptions, and to establish more clear and defensible links between wetland functions and the provision of valued ecosystem services that can be generalized across jurisdictions and scales (i.e., county, watershed, state).
BRIs example 3: Mining permits in Minnesota
The prior examples illustrate cases in which the primary information required to translate ecological functions into BRIs was geospatial and contextual-related to the presence of beneficiaries and the relative demand for particular services in particular areas. In such cases, the link from functions to services can often be easily established, thereby increasing the relevance of ecosystem services research. However, in other cases, gaps in scientific knowledge prevent the establishment of these links without significant (and costly) additional work. An example of such a situation is found in the case of proposed mining permits in Minnesota. PolyMet Mining, Inc. has proposed building and operating a copper nickel mine in northern Minnesota.
As part of the permitting process, PolyMet completed an Environmental Impact Statement (EIS), which was approved by the state in 2016. The EIS is thousands of pages long and required more than a decade to complete. However, to begin operation Polymet must still obtain federal and state permits governing water and air quality and wetland protection. The decision to issue mining permits rests on whether statutory requirements are met, not on a diverse set of impacts to ecosystem services. Yet whether allowing the mine to operate is in the public interest or not depends, at least in part, on how mining operations will impact ecosystem services, including potential impacts on drinking water supplies, fishing and other water-based recreation, wild rice harvesting, habitat for species of concern, and air quality (Goodkind et al., 2013) .
Although the EIS contains a wealth of information, it does not provide information on impacts to BRIs related to water quality such as drinking water supplies, fishing and other water-based recreation, and wild rice harvesting. The EIS predicts likely concentrations of contaminants such as toxic metals in water bodies near and downstream of the mine. It is relatively straightforward to use this information to estimate the probability that mining operations will violate water quality standards, but much more difficult to evaluate how such violations impact BRIs. For example, how would mining operations (and the resulting toxin releases) affect the safety of fish for consumption or fish abundance?
Completing the causal chain from the initial action (e.g., mining operations) to a recreational fishing BRI would begin with concentrations of pollutants as discussed in the EIS. However, it would also require additional information not supplied by the EIS, such as how pollutants are taken up in the aquatic food chain and concentrated in fish, the health impacts of eating fish contaminated at those levels, and likelihood of human exposure based on common patterns of recreational use. Ideally, the analysis would also include potential substitutes to fishing in affected waters and potential behavioral responses by recreational anglers to information about water quality and pollutant concentrations in fish. Some information gaps could be filled in using existing data and methods (e.g., patterns of recreational use) but some gaps are research frontiers (e.g., the fate and transport of metals in the environment and bio-concentration in aquatic species) that are largely unknown at present. In assessing the impacts of mining on water-related ecosystem services, researchers are far from developing the ecological production functions necessary to get to the BRIs of interest, and thus cannot provide what practitioners need in terms of measuring the environmental costs of proposed mining operations. Cases such as this provide substantial impediments to relevant ecosystem services research-as estimating the link between actions and human benefits requires science that is not readily available (or has not yet been developed).
BRIs example 4: Habitat conservation and species existence
In other cases, the science necessary to link actions to functions to BRIs is sufficiently developed, but the policy context is such that proceeding to valuation is either infeasible or unwanted by decision-makers. In such cases, BRIs themselves serve as an important final step in ecosystem services research. Situations such as this can sometimes arise in cases involving rare species preservation, where the primary human benefits derive from nonuse values (Wallmo and Lew, 2011) . The pygmy rabbit (Brachylagus idahoensis), is a sagebrush obligate species from western North America of conservation concern due to declining sagebrush habitat. To date, the pygmy rabbit has not been listed under the U.S. Endangered Species Act, and the U.S. Fish and Wildlife Service believes that conservation efforts underway to protect the greater sagegrouse (Centrocercus urophasianus) will reduce the threats and help assure the pygmy rabbit's survival. However, the preferred habitat of these two species is not entirely overlapping, suggesting that some effort focused specifically on the pygmy rabbit may be required (Larruca and Brussard, 2008) .
Habitat for the pygmy rabbit can be well-characterized, modeled and mapped. Relatively simple methods can provide reliable estimates of habitat suitability (Loiselle et al., 2003) , and there are more complex models as well (Merow et al., 2014) . BRIs associated with quantitative measures of population viability or similar indicators can be readily defined, and have been previously linked to values for other types of species Schultz et al., 2012) . However, practical challenges can arise when seeking to extend beyond BRIs to incorporate people's preferences and values for this species because social values for this species are comprised almost entirely of nonuse values (such as existence and bequest values). The pygmy rabbit is small, found in very remote areas, and rarely seen outside of zoos. Yet, many people who look at even a few images of the species (Fig. 4) feel the species merits protection, even if they never have a chance to see it in the wild. The method traditionally used for assessing existence value in monetary terms is a stated preference survey (Bateman et al., 2002) ; such methods are commonly used to evaluate willingness to pay (WTP) for the preservation of rare and often unfamiliar species (Wallmo and Lew, 2011) . However stated preference methods can be controversial and are accepted by many but not all decision makers. Various non-monetary measures of existence value might be developed, but these measures cannot be incorporated into benefit cost analysis or other formal evaluations that rely on monetary valuations. Researchers have recently developed best practice guidelines for stated preference to help promote more universal acceptance by decision-makers (Johnston et al., 2017) . However, it remains likely that valuation metrics (from any method) will not always be accepted, highlighting the direct relevance of BRIs for rare species such as population viability measures. In such cases, relevant analysis requires a link between actions and BRIs, but stops at the BRI (i.e., the analysis does not continue to valuation; Fig. 4 ).
Challenges and opportunities in the use of BRIs
There is often at least one missing link in the causal chain from actions to changes in ecological conditions to changes in ecosystem services, leading to a failure to define outcomes in terms of BRIs (Holmes et al., 2004; Keeler et al., 2012; Johnston et al., 2013; Ruckelshaus et al., 2015) . For example, in the mining illustration above, information on the concentration of contaminants could not be linked to implications for fishing, wild rice harvests, and other water related benefits. The causes of gaps are many and include a lack of monitoring of ecological outcomes that are relevant to people (e.g., fish abundance, toxin levels in edible fish), a lack of necessary models (e.g., on how toxins bioaccumulate), or a lack of data on human uses or potential demand (e.g., where people use affected resources). Alternatively, such information may be available but the link to human benefits is lacking (e.g., we know the toxin levels in fish but we don't know the effect this has on human health). Researchers can extend analysis beyond typical endpoints to help fill these gaps and move toward more meaningful benefit-relevant endpoints.
An example of a case with multiple missing links is that of forests and fire. In the US, more than a century of fire suppression and logging practices in low and middle elevation conifer forests of the Sierra Nevada have led to a landscape of high density forests dominated by small trees that are prone to significant wildfires (Miller et al., 2009 ). Fuels reduction, including forest thinning and prescribed fire, can be an effective means of reducing the risk of significant fires (Hurteau et al., 2009; Ager et al., 2010; Syphard et al., 2011) . Various planning efforts to mitigate ecosystem service losses due to significant wildfires are being initiated (Wildland Fire Leadership Council, 2011) but links between avoided wildfire measures and some ecological co-benefits are still weak. Evaluating and measuring links between management, vegetation conditions and fire risk, or other important services from western coniferous forests such as wood products, wildlife habitat, and carbon storage has been demonstrated (Halofsky et al., 2014 ). Yet for these same forests, methods to measures impacts of fire or management on how and where forests provide water to the farmers, cities, and anglers downstream remain poorly understood. The hydrologic studies that explore this (Wondzell et al., 2007) require local hydrologic attributions that put them out of reach for managers. Other tools which might help (e.g., Benda et al., 2016) are proprietary, which also limits accessibility for many managers. As a result, hydrologic outputs are often ignored in evaluating different land management alternatives.
Despite challenges such as these illustrated in the examples above, a growing number of studies have fully connected ecological conditions to ecosystem services measured in terms of BRIs (e.g., Borsuk et al., 2001; Boyd and Wainger, 2002; Wainger et al., 2010; Goldstein et al., 2012; Bateman et al., 2013; Zheng et al., 2013; Johnston et al., 2016b) . The development of adaptable, transferable models acceptable to decision makers that connect management-driven changes in ecosystems to changes in ecosystem service BRIs can help promote broader applications of this type of comprehensive work. Where sufficient need exists, generalized models of particular management actions or particular ecosystem services have been developed such as the FIRECLIM model for managing wildfire risk at the wildland urban interface (Paveglio and Prato, 2012; Olander et al., 2016) . There are also numerous biophysical models that translate actions to biophysical changes such as changes in water quality (e.g., SWAT; Neitsch et al., 2011) or carbon sequestration (e.g., EPIC; Izaurralde et al., 2006) . Such models typically do not attempt to translate biophysical endpoints to BRIs (work is still required to translate model outputs into BRIs), but models such as these are still important steps connecting actions to outcomes. Some general ecosystem service models exist such as the ARIES model (Villa et al., 2014 ) and the InVEST model (Sharp et al., 2015) . Studies using InVEST have shown how changes in policy or management actions can be translate into BRIs (e.g., Polasky et al., 2011; Goldstein et al., 2012; Bateman et al., 2013; Zheng et al., 2013) . Researchers can also participate in the development of new predictive models that help to fill the gaps in estimating changes in ecosystem services.
A second gap that can occur once effects on BRIs are evaluated relates to the estimation of social values associated with changes in BRIs, whether through monetization or through non-monetary measures such as utility. Information on well-defined BRIs can still lead to misinformed decisions if those BRIs are linked to biased, incomplete or otherwise misleading measures of social value. Challenges in this area can relate to the difficulty of implementing valid, defensible and comprehensive valuation for some types of ecosystem services and the resources (e.g., time, money, expertise) required to do so (Bockstael et al., 2000) . Researchers and decisionmakers often lack the capacity to implement high-quality ecosys- Fig. 4 . Using the BRI of rabbit population viability to reflect the sustainability of the population of interest to people because the valuation methods for existence value are unacceptable to decision makers. tem service valuation studies, leading to estimates of unclear validity, reliability and interpretation (Johnston et al., 2014) . Moreover, there can be limited acceptance and understanding of established valuation methods by some decision-makers (NOAA SAB, 2016) . In contexts such as this, there can be a temptation for researchers to rely on alternative measures of ecosystem service value with little or no grounding in established concepts or methods of economic valuation (Bockstael et al., 2000) . The resulting measures cannot be meaningfully compared to well-defined economic measures of benefit or cost, and can lead to perverse decisions that reduce rather than enhance social welfare (Bockstael et al., 2000; Holland et al., 2010) . Valuing these benefits accurately depends on the application of valid and defensible approaches.
Although the estimation of precise, site-specific measures of value often requires the application of resource-intensive primary valuation studies, cost-effective approximations of the can frequently be obtained via benefit transfer . The applicability of benefit transfer depends on the degree of precision (e.g., in estimated values) required in any particular context (Kline and Mazzotta, 2012) . It also depends on the availability of prior studies that have estimated similar types of values in similar contexts-and that hence provide suitable information for transfer . The availability of these studies varies across regions and types of services. As discussed above within the context of ecological research, most of the valuation literature is characterized by site-specific research conducted for methodological purposes, divorced from the immediate needs of practitioners (Loomis and Rosenberger, 2006) . A few types of ecosystem services have been subject to a sufficient number of primary valuation studies to enable meta-analyses or other types of data synthesis necessary to understand (and in some cases, predict) general patterns in value (Nelson and Kennedy, 2009; Johnston and Rosenberger, 2010) . However, ''the field of primary valuation studies is sparse in many areas, requiring tradeoffs between the quality and commensurability of studies [that may be considered in a data synthesis] and the number of studies available for analysis" (Rolfe et al., 2015, p. 362, chap. 16) . Moreover, the tendency of economic journals to favor methodological advances over empirical contributions (and particularly replications) has led to ''a lack of studies providing high quality, policy relevant, replicable, empirical estimates of non-market values for many environmental commodities" (Johnston and Rosenberger, 2010, p. 496) . The paucity of high quality valuation estimates is particularly severe for services that are not iconic or high profile (Rosenberger and Johnston, 2009 ). Because of the lower cost and effort involved in benefit transfer, wide spread improvements in valuation targeted to decision-maker needs is dependent on the provision of high quality empirical estimates of ecosystem service value suitable for benefit transfer (Johnston et al., 2015b) .
Strategy 2: Use methods that balance quality and feasibility
Causal chains can be used to show conceptually how management actions lead to changes in ecological condition and to changes in ecosystem services that people value (Fig. 1) . These causal chains are the foundation for the quantification of BRIs and associated values, and provide transparency about what steps are necessary. Yet all quantification is not equal. When quantifying changes in BRIs and values to support decisions, researchers must consider the dual goals of quality (i.e., using the best available biophysical and social science to represent the series of cause and effect relationships from management action to benefits) and feasibility (i.e., ensuring that models and tools are not too costly, complex and/or idiosyncratic for practical use by decision-makers) (Wainger and Mazzotta, 2011) . While there is a need for more high-quality predictive models to fill gaps in connecting ecosystem management to changes in ecosystem services, many models developed by researchers are not used by practitioners due to factors such as complexity, site-specificity, data requirements, or cost (Johnston and Rosenberger, 2010) . Decision makers require costeffective, straightforward, transferable, scalable, meaningful, and defensible methods that can be readily understood. Hence, the relevance of methods and models to quantify BRIs depends on the extent to which they (a) are of sufficient precision, scope and generalizability to provide the information required by decisionmakers, and (b) can be feasibly applied by decision-makers, considering factors such as cost, time and expertise.
The examples below are designed to illustrate tradeoffs that influence the relevance of alternative models and methods that might be used to integrate ecosystem services into decision making. The first example shows a case in which a simpler model (with less accurate data) provided sufficient information to move decisions forward with an acceptable level of confidence, cost, speed, and effort (Oregon wetlands). In this case, quality versus feasibility tradeoffs favored the use of a simple and feasible model. The second example illustrates a contrasting case in which a simpler model did not provide sufficient reliability, such that a more complex model was required to support decisions (California fire). These contrasting examples suggest that there is no ''one size fits all" approach to the quality versus feasibility tradeoff, but that researchers who focus solely on the best available science (regardless of practicality or feasibility for decision-maker application) may miss opportunities for relevance.
Methods example 1: Oregon state wetlands prioritization
To illustrate considerations in the choice of ecosystem service quantification methods, we return to the example of wetland conservation, mitigation and restoration in Oregon (Oregon Wetland Rapid Assessment Protocol, ORWAP, Adamus et al., 2010) . A challenge to implementing mitigation based on ecosystem services in this case is that wetland regulators in Oregon face a system that is difficult to change due to existing agreements with federal agencies. New methods or data can only be used if acceptable to all agencies and if agreements are renegotiated. Such agreement usually requires all agencies to co-develop tools or use an external peer review of a proposed tool, as a way of assuring credibility. Further, the use or development of tools that threaten to slow down the permitting process (e.g., due to their complexity or time required for approvals) may not be acceptable to stakeholders.
To provide an approach that was usable by regulators in this context, simple models were used to prioritize wetlands based on the following wetland benefits: property damage protection (due to flood risk reduction), late season water provision and temperature control, and support for recreational activities or species conservation via provisioning of habitat, food, water, and refugia (Adamus et al., 2010) . For example, property damage avoided was modeled using simple functional relationships. Wetlands were compared based on their potential to reduce property losses, inferred from the combination of a basic biophysical functional metric of water holding capacity (Gleason et al., 2008) and the area of developed land downstream of the wetland that has the potential to be flooded. Accounting for the area of downstream developed land is necessary to interpret the model output as a BRI, because the water holding capacity of a wetland alone (a biophysical function) does not convey its relative contribution to property protection (the outcome that people value). A similar simplified model was used to forecast the influence of wetland changes on downstream drinking water or estuaries, realized via wetlands' capacity to remove phosphorus. The model combined information on phosphorus loads upstream from each wetland with wetland attributes corresponding to each wetland's capacity to remove phosphorus from water.
An additional constraint to developing these models was that state regulations require use of data from the National Wetlands Inventory (NWI) and the National Hydrologic Dataset (NHD), even though other data might be more appropriate (and accurate) for modeling ecosystem services. The team dealt with this challenge in two ways. To overcome limitations of the NWI, the team used supplemental spatial information to model wetlands services, but clearly traced the results back to the NWI classification system. In the case of the NHD, the team used data that they knew to be of variable quality across the state. Although using less accurate, but mandatory, data sources degraded model reliability to some extent, using more precise data would have rendered the method unusable by regulators. This tradeoff exemplifies the quality versus feasibility tradeoff that can occur when using models to support decision-making. Overlooking this tradeoff can lead to the development of models that are more accurate, but are nonetheless useless to decision-makers.
The relatively simple models proposed for use in Oregon have several aspects that promote their feasibility for the specific decision context. First, the methods are consistent with regulation and are relatively easy to understand, thereby supporting the need to achieve consensus among stakeholders. Second, the methods are quick to implement (once the GIS database has been developed), promoting an efficient permitting process. Further, if the final prioritization scheme were made public, state agencies and developers who impact wetlands would know in advance which wetlands are given the highest priority and could use that information during project design stages to avoid permitting problems.
Although a simplified approach was well suited to the decision context described above, a highly litigious permitting process could suggest the need for a more complex and defensible model. Because the proposed ecosystem service estimates depend on generalized relationships between site and landscape characteristics and wetland functional outputs and outcomes, the science could easily be disputed in court. Yet, given that field-based measurements or more precise models of how individual wetlands contribute to flood risk or phosphorus removal would need to be implemented individually for each of the over a million wetlands in Oregon, or even the thousands of wetlands in a given watershed, they are cost-prohibitive for regulatory use (Kentula, 2007) .
Although simplicity (and perhaps the use of data known to be less accurate or otherwise inferior) may be required in many circumstances, simple models must still be tested in terms of whether they are ''good enough" to meet practitioner's goals and balance tradeoffs, both from an ecological production and ecosystem service value standpoint. Researchers can help in this regard by testing ecological production functions and effects of data limitations on the model. In the present case, one test has already been conducted that suggested that using locally-derived data that were more accurate than readily available national data did not substantially affect wetland prioritizations (Chang, 2007) . In addition to testing by technical experts, a model being used for policy can be vetted through a collaborative process with all stakeholders, including all regulated entities. Such vetting would evaluate whether any assumptions, aggregation methods, or missing variables were biasing results or generating unintended consequences.
Methods example 2: Reducing fire risk along utility lines in California
In October 2007, dozens of wildfires, fueled by strong Santa Ana winds, burned through Southern California. The fires burned 780 square miles, killed 17 people, and destroyed thousands of homes and buildings. Several of the worst wildfires were reportedly ignited by overhead power lines and aerial communications facilities in close proximity to power lines. In response to the widespread devastation, the California Public Utility Commission issued an order to consider and adopt regulations to reduce such risks. At the time there were three interim fire-threat maps for use with fire prevention measures such as vegetation management. Two of these maps were specifically designed to identify areas with heightened risk of power-line fires; however, they had not been peer-reviewed, did not contain sufficient spatial resolution, and did not cover the entire state in a consistent fashion. The third map that did cover the entire state was determined by fire managers to be ill-suited to identify high-risk areas for power-line fires, but it was adopted because there was no better statewide fire-threat map available. As a result, the Utilities Commission concluded that the third map should be replaced with a statewide purpose-built fire-threat map. This map would be reviewed by neutral resource experts before it was permanently adopted. The Commission defined the general criteria of a high reliability map that captures the ecological complexity of wildfires to help solve their fire management problem. This new utility fire risk map was to be combined with local knowledge on property and infrastructure to inform the development of modified regulations on utility vegetation management, with the intention of reducing the risk to assets (Fig. 5) .
In response to the Commission's request, researchers developed a comprehensive index designed to describe the magnitude of utility fire threat. This index was designed to incorporate the fundamental physical and environmental features that increase Fig. 5 . A utility fire threat map showing a unit less index of the probability of an extreme event occurring. The model used to generate the map integrates climate projections and vegetation variables to simulate a thousand wildfire scenarios to estimate the probability of extreme wildfire weather conditions. the likelihood that overhead utility facilities will initiate large wildfires that pose a significant treat to people and property. The first step consisted of the construction of a ten-year comprehensive climate reconstruction of key fire weather variables for the entire state of California. Using this data and other information describing the fire environment, the teams created two main subcomponents: 1) an Ignition Potential Index that indicates an area's likelihood for producing an ignition point; and 2) a Fire Spread Index that evaluates the subsequent potential of the ignition to result in a large fire. A Monte Carlo model was then used to determine the probability of high threat fires. A final Utility Fire Threat Index map was created as the product of the ignition potential and spread potential (Fig. 5) .
Although relevance requires that researchers consider the quality versus feasibility tradeoff, it does not necessarily dictate the use of simplified, less accurate modeling. This example illustrates a case in which simplified methods were available, but were judged to be of insufficient quality (i.e., ability to accurately predict fire risk) to meet decision-makers' needs. That is, unlike the Oregon wetlands case study above, here quality versus feasibility tradeoffs led decision-makers to demand more complex and accurate models. In the present case, the final, more complex model had four significant advantages over the previous more simplified methods: it was repeatable, it was consistent, it assessed uncertainty, and it integrated the most current understanding of fire science into one map data product.
Challenges and opportunities in balancing model quality versus feasibility
High-quality primary research that fully reflects system complexity is often assumed to be more reliable (repeatable and accurate), but is often infeasible given resource constraints and over the scales required to inform decision-making. On the other hand, ecosystem services research conducted using some off-the-shelf tools can lead to substantial errors in forecasting . The accuracy of research methods must be matched to the needs of particular decision contexts (Kline and Mazzotta, 2012) . The resulting challenges for the research community are to (1) deliver feasible ecosystem service research tools and data that meet practitioner needs and (2) help practitioners make informed decisions about quality versus feasibility tradeoffs-for example decisions that reflect the information and accuracy sacrificed when using simplified methods. Related questions for ecosystem service researchers include: (1) to what degree is reliability sacrificed as one moves to simpler and more feasible methods, (2) can new methods and data be developed to improve reliability in a cost-effective manner, and (3) what type of simplified approaches are sufficient for different types of decision-making?
A stylized feasibility versus reliability frontier is illustrated in Fig. 6 . The upward sloping line shows the maximum reliability possible for a given cost and effort. As illustrated here, increasing reliability requires costs and effort to increase at an increasing rate. This is shown for illustration purposes only-actual feasibility versus reliability frontiers may take on many different shapes and functional forms. Beyond the anticipated positive relationship between reliability and required cost and effort, among the primary observations from this graph is that the need for reliability in ecosystem service quantification and valuation depends on the decision context. Certain types of decisions (e.g., damage assessments for litigation) require very high reliability, and hence high costs and effort. Others, such as initial feasibility assessments or preliminary project scoping, require lower reliability.
As noted above, researchers who target their work at a much higher or lower point on the research reliability frontier than is appropriate for a given decision context risk reducing (or eliminating) the relevance of their work. Yet what is the correct point? And what is the shape of this frontier? The specific values along the reliability-cost frontier, and the shape of the curve, are almost always unknown. The benefits of additional modeling effort and complexity (e.g., requiring more data collection and more intensive modeling) in terms of increased reliability in ecosystem service results have been subject to conjecture but little systematic analysis. Information directly or indirectly relevant to these questions is scattered across multiple areas of the literature (e.g., Allen and Loomis, 2008; Bateman et al., 2011; Merow et al., 2014; Rosenberger, 2015, chap. 14) , but this information is insufficient at present to characterize general feasibility versus reliability tradeoffs.
Confounding the challenge of identifying tradeoffs between reliability and feasibility is the potentially high variability of modeling outcomes, due partly to variable exogenous factors (e.g., weather or stochastic population dynamics) and to non-linear system dynamics. Non-linear responses can occur either in biophysical relationships (e.g., a small increase in nutrients triggers a large self-sustaining increase in algae) or in the value generated from ecosystem services (e.g., small increases that reduce water quality below mandated standards). Where thresholds such as these occur, small modeling errors can lead to large implications for policy or management decisions, increasing the risks that inaccurate models will lead to poor decisions. Determining how complex models need to be for different levels of reliability (and policy relevance) is an important research frontier that can help to inform the practice and use of ecosystem service information in decision making.
Thus far, this discussion has been predicated on the existence of a single reliability frontier. However, over time, researchers can contribute to activities that shift this frontier, thereby making reliable ecosystem services models more cost-effective. Such activities can significantly enhance the potential long-term relevance of ecosystem services research. For example, the development of reliable and cost-effective models is often constrained by the availability of existing ecological, social and value data that can be used to develop models of any type (e.g., empirical, statistical, probabilistic, mechanistic), or to calibrate and validate such models (Naidoo et al., 2008) . Enhancing data availability can therefore enhance the cost-effectiveness of ecosystem services research. Researchers can help by supporting the development of systematic data collection in their research and the public use of their data in developing data libraries. Researchers can also help to inform the development of improved monitoring programs or new data libraries and identify what data should be collected and how these data should be made available.
Underlying raw data rather than integrated scores are often most useful. For example, integrated, classified attributes such as an overall rapid wetland assessment protocol score commonly used in wetland mitigation programs has limited utility in developing models that can evaluate multiple ecosystem service outputs. However, the underlying data gathered while developing the score includes relevant information on hydrology, wildlife and vegetation that can inform ecosystem service outputs (Gleason et al., 2008) . In cases such as these, access to the raw data may be more useful to ecosystem services research than the initial modeling results. Another example is land cover. Many of the ecosystem service analyses rely heavily on classified land cover maps. These maps are extremely useful as broad scale characterizations, but the classifications merge and sometimes hide a vast array of relatively high resolution spatial prediction data. Having the imagery, geographic attributes and the base monitoring training data used to create these land cover datasets, combined with new remote sensing improvements now available could significantly improve the information available for linking services to beneficiaries (Ohmann and Gregory, 2002) .
Collection of valuation data is also critical. For example, recent work in the economics literature discusses study design and reporting needs for economic valuation to enable synthesis and policy application (Johnston et al., 2015b; Loomis and Rosenberger, 2006) . Valuation databases and data syntheses make this work increasingly accessible to policymakers (McComb et al., 2006; Johnston and Thomassin, 2009; Santos et al., 2012) . However, extant databases only include a small fraction of the literature on ES valuation, and most published work fails to provide even basic information (e.g., spatial information; Johnston et al., 2016a) required for reliable policy analysis.
In these and other cases, improved access to well-documented biophysical and social data can enable ecosystem services researchers to conduct research that is simultaneously less costly and more reliable, shifting the research reliability frontier (Fig. 6 ) down and to the right. Over time, this can help facilitate the use of more accurate research results to inform decisions, because research can be at once more feasible and reliable.
Conclusions
The growing awareness of nature's social benefits has led to increased demand by decision-makers for decision relevant ecosystem service research. While there has been a concurrent increase in the supply of ecosystem service research published in academic journals and similar outlets, there is a lack of relevant research that practitioners can use to inform decision making in many contexts . There is a pressing need for policy and management relevant research on ecosystem services to correct this mismatch between demand and supply. The goal of this paper is to identify some of the primary reasons for this mismatch, and provide suggestions that researchers can use to help enhance the short-and long-run relevance of ecosystem services research.
Many of the necessary pieces for producing research relevant for decisions that affect ecosystem services already exist. There is a growing body of scientific research from the natural sciences on how ecosystems function. There is also a large and expanding literature from economics and other social sciences on values people derive from nature. However, at present there are few examples of high quality research that models the complete causal chain from policy or management action through effects on ecosystems all the way to benefits received by identifiable groups of people. Often the key missing link is at the interface between ecosystem functions and measures of natural outputs that people value-or BRIs. Identifying and modeling BRIs requires the coordination of both social science and biophysical research, and is one of the most effective ways to increase the relevance of ecosystem services research.
Yet even when BRIs can be quantified and linked to actions, the applied models must be appropriate to the capacity and needs of decision-makers. Ensuring that models are useful requires engagement between researchers and decision-makers. Active and ongoing dialog among researchers, practitioners, and decisionmakers is essential to enhancing the relevance of ecosystem services research Posner et al., 2016) . Improving researchers' understanding of the decisions practitioners are making, the time and resource limitations they face, legal and regulatory constraints, constraints on data acquisition and analysis, and the form in which practitioners need to receive information, can help guide the design of a policy-relevant research program. The long-term relevance of ecosystem services research can also be enhanced by the development of accessible data repositories that can be used by researchers to develop models that are both sufficiently cost-effective and reliable for application to policy and management decisions.
Such efforts may seem ''too applied" and not enough on the frontiers of disciplinary-based science to excite some researchers. But we think that this type of work offers its own challenges and rewards. It is challenging to synthesize knowledge from across different disciplines, created with differing assumptions and objectives, into a useful integrated causal chain. However, success in such integration is increasingly recognized and rewarded by journals, departments, institutions and funding agencies that value innovative and relevant work.
It is also challenging to work within the constraints of existing data and institutions to come up with good, though necessarily imperfect, analyses that can inform decision-making. Hence, successful advances that facilitate the provision of relevant and usable ecosystem services information can be rewarding both in terms of the traditional metrics of academics (publications, citations and grants) and benefits to society from better policy and management decisions.
